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ABSTRACT

During the 1950°s and 1960’s, a large amount of elemental mercury escaped confinement
and is still present in the buildings and grounds of the U.S. Department of Energy’s Y-12
National Security Facility and in the Y-12 Watershed in Oak Ridge, Tennessee, USA.
Because of the adverse effects of elemental mercury and mercury compounds upon
human health, the Oak Ridge Site is engaged in an on-going effort to monitor and
remediate the area. In order to more cost effectively implement those extensive
remediation efforts, it is necessary now to obtain an improved understanding of the role
that mercury and mercury compounds play in the Oak Ridge ecosystem. Specifically, the
long-term bioavailability, stability, and mobility of mercury species in contaminated
terrestrial and aquatic environments of the Oak Ridge ecosystem under a range of
biogeochemical conditions are not well understood. Mercury can be expected to be
present in various forms. These species can be transformed from one form into another
thus bioavailability, toxicity, and mobility can change as a function of the
biogeochemical conditions. The kinetics of these transformations is currently unknown.
We have conducted pilot scale experiments to study the bioavailability of mercury sulfide
(HgS) in Oak Ridge soils. The effects of plants and incubation time on chemical stability
and bioavailability of HgS under simulated conditions of the Oak Ridge ecosystem have
been examined, as has the dynamics of the dissolution of HgS by various extractants. The
results show that HgS in contaminated Oak Ridge soils was still to some extent
bioavailable to plants.

INTRODUCTION

The Y-12 National Security Facility site encompasses about 324 hectares (ha) (3.24 x 10°
m?) near the city of Oak Ridge, Tennessee, USA. Y-12 is a manufacturing and
developmental engineering facility that formerly produced components for various
nuclear weapons systems. Mercury contamination is ubiquitous in the Y-12 watershed
and has been identified as a key contaminant in soil, sediment, surface water,
groundwater, buildings, drains, and sumps [1]. The source of the mercury is from
mercury used during the 1950s and early 1960s for the manufacture of nuclear weapons.
Mercury was a key element used to capture enriched lithium by separating the lithium
isotopes. The total mercury release to the environment, including estimates for the 1950
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to 1954 period, has been estimated to range from about 75 to 150 metric tons [2]. Most of
the contamination around Y-12 is confined to the upper 10 feet (3 m) of soils and fill [1].
Additional studies revealed that about 77,180 kg of mercury are contained in the
sediments and floodplain soils of a 15-mile (24-km) length of East Fork Poplar Creek
(EFPC), which has its headwaters at Y-12, and that about 227 kg of mercury annually
leave this watershed [3]. EFPC flows through the city of Oak Ridge, exposing people to
mercury contamination in the easily accessible areas of the floodplains of the creek. The
concentrations of mercury in Upper EFPC watershed (soil) range from 0.01 to 7700
mg/kg [4]. In the sediments of EFPC and Lower Poplar Creek, mercury concentrations
peaked at depths of 10-20 cm (40 mg/kg) and at 40-60 cm (15 mg/kg mercury),
respectively [5]. Some sediment cores contained 460 mg/kg mercury at depths of 80-84
cm [6]. Mercury has been detected at higher than background levels in sediments of the
Clinch River and the Tennessee River near Chattanooga, some 118 miles (190 km)
downstream of Oak Ridge [3].

A series of remediation efforts have been employed in the Oak Ridge watersheds. These
include central pollution control facility, source collection, elimination of untreated
discharges, central and east end mercury treatment systems, relining of sanitary and storm
sewers, and bank stabilization project [7]. The U.S. Department of Energy (DOE) has
removed soil at several locations along the creek where mercury concentrations were
particularly high [3]. Mercury can occur as various species (e.g., HgS, Hg(ll), methyl-Hg,
Hg(O)), but the predominant form of mercury in the floodplain soils of the region is
mercuric sulfide (HgS) [8]. This indicates that after long-term transformation and
redistribution, mercury is finally transferred into the insoluble sulfide form with
decreasing mobility, volatility and phyto- and bio-availability. HgS, in general, has been
considered to be the stable mercury form in soils and sediments since its solubility is
limited. The stability and transformation of HgS in Oak Ridge soil might control its
solubility, mobility, and bioavailability in both terrestrial and aquatic ecosystems.

Since mercury in floodplain soils across the EFPC in soils now is mainly present in the
relatively insoluble HgS [9], it is essential to assess the stability and extractability of HgS
in the Oak Ridge soil and its bioavailability to plants. In addition to the Oak Ridge site,
mercury-contaminated wastes in many forms are present at virtually every U.S.
Department of Energy site and hence potentially there is mercury in their ecosystems.
The objectives of this initial study are to investigate solubility and extractability of HgS
by wvarious extractants and its distribution among solid-phase components in
contaminated soil. Finally, the bioavailability of HgS to plants was also studied as well.

MATERIALS AND METHODS

Soil Sampling and Greenhouse Study

The soil is Armuchee soil (Clayey, mixed, thermic Ochreptic Hapludults). This is a
moderately deep soil with a clayey subsoil. Armuchee soils are formed in residuum of

shale. This soil has clay loam texture with pH 5.6 + 0.2. It contains 4.56 + 1.5 % organic
matter and 1.90 = 0.007% iron oxides. Surface soils (0 to 15 cm) were sampled from a
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private farm in Roane County, Tennessee, near Oak Ridge’s East Tennessee Technology
Park (ETTP) where the K-25 facility was located. Soil was air-dried and ground to pass a
2-mm sieve. Relevant soil properties are presented in Table 1.

About 1.5 kg of air-dried soil was weighed and transferred into plastic pots. Nitrogen,
phosphorous, potassium (N:P:K = 1:1:1) were added to soils as base fertilizers. Chemical
grade HgS was added to soils at 1000 and 2000 mg/kg in May, 2004. After 17 days of
equilibrium of the mercury compounds in soil, a 4-5 month old Chinese brake fern
(Pteris mayii) from Edenspace (Edenspace Inc. Dulles, VA) was transferred into the pots.
The plants grew for 48 days and were then harvested. A second season of brake ferns was
planted in spring, 2005 and plants grew for 60 days. The third growing season for this
soil involved Indian mustard (Brassica juncea)(two varieties, Florida broadleaf and
longstanding). The Indian mustard was planted in spring, 2006 and grew for 53 days. All
pots were watered and kept at field capacity moisture throughout the growing seasons.
Each treatment had twelve duplicates. Two replicates of both plant samples and soil
samples were taken for analyses after one, two, and four weeks of planting and the rest
were harvested 48 days after the transfer. Total incubation experiment lasted for 65 days.
Roots and shoots were sampled and soil samples were collected for analyses. After
harvest, roots were washed with distilled water, followed by diluted acid. Both roots and
shoots were oven-dried for analyses at 80°C for 48 hours. Dry shoots and roots were
ground and weighed.

Table I. Relevant soil physico-chemical properties and mercury concentrations of a soil
from Oak Ridge, TN, USA.

pH 5.6+0.2
Cation exchange capacity (CEC) cmol. kg™ 4.2+0.34
Organic matter % 4.35+1.34
Hygroscopicity H.0% 0.84
Free Fe oxide Fe,03% 1.90 + 0.007
Free Si oxide Si0% 0.05 £ 0.0005
Free Al oxide Al,03% 0.52 +0.001
Free Mn oxide MnO,% 0.24 £ 0.001
Total Hg mg/kg 0.20 £ 0.147
Texture® Clay Loam
Sand % 22

Silt % 41

Clay % 37

Plant and Soil Analysis

Plant samples (shoots or roots, approximately 0.2-0.5 g) were digested on a hot plate with
concentrated HNO3 and H,0, [10]. The digested solution was filtered and then analyzed
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for mercury concentration wusing inductively coupled plasma-atomic emission
spectrometry (ICP-AES) (Perkin Elmer Instruments, Optima 4300DV) and cold vapor
atomic absorption spectrometry (CVAAS) (FIMS 100 CVAAS, Perkin Elmer
Instruments). Plant uptake of mercury per pot was the sum of mercury uptake by shoots
and roots, which was calculated from the products of mercury concentrations in either
shoots or roots multiplied by its dry biomass.

Soil pH was measured by electrodes in 1:1 water extracts and cation exchange capacity
(CEC) was determined with NH4CI-KNO3; method [11]. Organic matter was measured by
K,Cr,07-H,S0,4 and free Fe (Mn/Al/Si) oxides were analyzed by citrate-bicarbonate-
dithionite method [10]. Fresh soil samples were used for all soil mercury analyses.
Saturation paste extraction (1:1 soil: deionized water ratio) was conducted to study
mercury speciation in soil solution. Anions (Cl, NO3, SO4, and PO,) in the extracts were
determined by ion chromatography (Dionex LC 20, Sunnyvale, California). Cations (Ca,
Mg, K, and Na) were measured by ICP-AES. Soluble mercury in the extracts was
analyzed by CVAAS. Dissolved organic carbon was determined by UV persulfate total
organic carbon (TOC) analyzer (Tekmar Dohrmann Phoenix 8000) and soil solution pH
was measured by a pH electrode.

Mercury fractions in soils have been determined by sequential dissolution extractions,
which have been widely used to study the binding forms, mobility and bioavailability of
heavy metals including mercury in soils and sediments [12-17]. Mercury in soils was
assumed to be present in six operationally defined solid-phase fractions, which are
obtained by selective sequential dissolution (SSD). The protocol employed in this study
was developed based on the procedures by Tessier et al. [12], Shuman [13], and Han et
al. [17]. Compared to the traditional sequential dissolution extraction procedures by
Tessier et al. [10] and Biester and Scholz [18], we added one fraction at the end aiming at
extraction of the cinnabar HgS form: saturated Na,S-extractable fraction. The residual
fraction (RES) with 4M HNOg; before the cinnabar fraction may extract mercury
remaining from all previous steps (except for HgS) due to incomplete extraction, such as
humin-binding mercury. The modified sequential dissolution extraction procedure clearly
distinguishes mercury as cinnabar HgS form (by saturated Na,S) from humic/humin-
binding Hg in the RES fraction.

NH;OAc-extractable Mercury. This fraction includes soluble plus exchangeable
mercury (EXC). Twenty-five mL of a 1 M ammonium acetate solution (pH adjusted to
7.0 with NH,OH) were added to 1.1 g of air-dried soil (equivalent to 1 g of oven-dried
soil) in a 50-mL Teflon centrifuge tube. The mixture was shaken for 30 min at 25°C, and
then centrifuged. The supernatant was decanted and filtered through a 0.45-um filter. The
soil residue was kept for the next analysis/dissolution step. The same centrifugation-
decantation steps were used after each of the following extractions.

NH,OH-HCl-extractable Mercury. This fraction mainly targets mercury bound to
easily reducible oxides, such as Mn oxides, (ERO) [13]. Twenty-five mL of a 0.1 M
NH,OH-HCI + 0.01 M HCI solution (pH 2) were added to the soil residue and shaken for
30 min. This acid might attack some organic matter, resulting in underestimation of the
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organically bound metal. However, after extraction of the exchangeable fraction, this
attack is less serious.

H,0,-oxidizable Mercury. This fraction mainly targets mercury bound to organic matter
(OM) [13, 16] as well as Hg° and some extent of HgS [18]. Three mL of a 0.01 M HNO;
and 5 mL of 30% H,O, were added to the soil residue. The mixture was digested in a
water-bath at 80 °C for 2 hrs. An additional 2 mL of H,O, were added and the mixture
was heated for one hour. Fifteen mLs of a 1 M ammonium acetate solution were then
added and the sample agitated for 10 min.

Oxalate-extractable Mercury. This fraction extracts mercury bound to amorphous iron
oxides (AmoFe). Twenty-five mL of a 0.2 M oxalate buffer solution (0.2 M (NH,;)2C,04—
0.2 M H,C,0, at pH 3.25) were added to the soil residue and the sample shaken in the
dark for 4 hours [13].

Hot NH,OH-HCI and HOAc-extractable Mercury. This fraction extracts mercury
bound to crystalline iron oxides (CryFe). Twenty-five mL of 0.04 M NH,OH-HCI in a
25% acetic acid solution were added to the soil residue and the sample digested in a water
bath at 97-100 °C for 3 hours.

HNOgs-extractable Mercury. 4M HNO; extracts the residual non-cinnabar mercury
(RES) from the incomplete extraction of previous fractions (mostly from the organically
bound mercury, such as humin bound mercury) as well as Hg° [18]. Twenty-five mL of 4
M HNO; were added to the residue or soil and the sample was transferred to a glass
digestion tube. Digestion was conducted in a water bath at 80 °C for 16 hours [13, 16].
The same procedure was used to determine total non-cinnabar mercury (TOTyno3).

Cinnabar mercury (HgS). Four mL of saturated Na,S were added to the residue soil and
the sample was mixed and reacted overnight. The extraction is repeated twice [19].

RESULTS AND DISCUSSIONS
Extractability of HgS from Cinnabar-Contaminated Soil

HgsS is stable in soils under normal conditions. The solubility product constants of HgS is
10752~ (59 120]. Thus, many common chemical extractants are not able to solubilize and
extract mercury from pure HgS. Strong acids, such as 4M HNO3; and 12 M HNQOg, only
extracted <0.033% and <0.086% of Hg from pure chemical HgS, respectively (Table II,
Fig. 1).

However, the extractability of HgS in contaminated soils increased. 4M HNO;3 extracted
0.6-6.1% of mercury from cinnabar-contaminated soils, while 12 M extracted 3-4% of
mercury from the soil. Extractability of HgS in contaminated soils was higher than that of
pure chemical. However, neutral salts, such as NH4,OAc, and other weak extractants did
not extract HgS. 1M NH4OAc and NH,OH.HCI (pH 2) could not extract Hg from HgS
contaminated soils (Table II, Fig. 1).
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Table Il. Extractability of pure chemical HgS and contaminated Oak Ridge soils with
cinnabar by various chemical reagents (% of the HgS).

Reagents Pure HgS Contaminated soils
Na,S (saturated) 99-100%
EPA method 98-100%

(HCI:HNO3:H,0, 1:6:7)

12 M HNO3 0.001-0.086% 0.47-3.25%
4M HNO;3 0.008-0.033% 0.69-6.08%
H,O, 0.13-5.13%
NH4OAc 0 0
NH,OH.HCI, pH 2 0 0

Saturated solution of Na,S extracted more than 99-100% of HgS from cinnabar-
contaminated Oak Ridge soils with 1000-2000 mg/kg Hg (Table I11). USEPA method
3200 (1:6:7 HCI:HNO3:H,0), which was recommended for extracting HgS from solid
waste, extracted 98.9-100% of mercury from the current soil with 1000 mg/kg Hg. Revis
et al. [19] reported that saturated solution of Na,S extracted 98% of added HgS from soils
and sediments while concentrated HNO3 only extracted 1% of HgS. They suggested
saturated Na,S is suitable for extracting HgS from soils and sediments.

The extractability of HgS from contaminated soils by 4M HNO; and 12 M HNO3
increased with increasing reaction time (Fig. 1).The gradual increases in dissolution of
mercury from cinnabar-contaminated soil by HNO; indicate that mercury has been
transformed from HgS form into other more soluble and HNOs-extractable form(s). It is
noted that dissolution of Hg from pure chemical grade HgS also initially increased in the
first four hours and thereafter its dissolution reached a plateau. The initial dissolution
may be from surface impure mercury form other than HgS. However, dissolution of
mercury by 4M and 12 M HNO; from contaminated soils continued to increase with
time, even after 15 hours. Various mechanisms, including effects of dissolved organic
matter and microorganisms on stability of Hg, may be involved; these will be discussed
below.
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Figure 1. Kinetics of dissolution of HgS by 4M HNO3 and 12 HNOj3 from cinnabar-
contaminated Oak Ridge soils.

Solid-phase Distribution of Hg in HgS-Contaminated Soils

Mercury in HgS-contaminated Oak Ridge soils was mainly distributed in the cinnabar
form (HgS) (86-97%). However, H,O,-extractable Hg accounted for 2 - 5% and 4M
HNOs-extractable Hg was in the range of 2 - 8.5% (Table Ill, Figure 2). There are two
factors contributing to H,O,-extractable Hg: (1) soil organically bound Hg was present in
soils; and (2) some extent of oxidation of sulfide in soils by H,O,.

The latter is excluded since the initial mercury in the organically bound fraction was in
the range of 25 to 102 mg/kg in soils contaminated with HgS, while after a growing
season, the organically bound mercury decreased to 1.9 - 3.5 mg/kg. After 24 days of
initial incubation, 25-30 mg/kg (average: 27 mg/kg) and 40-102 mg/kg (average: 60
mg/kg) mercury were found to be in the organically bound fraction in soils contaminated
with HgS at 1000 and 2000 mg/kg, respectively. Two possible processes might govern
the decrease of mercury in the organically bound fraction in HgS-contaminated soils. One
is DOC-enhanced dissolution and plant uptake and the other is transformation and
redistribution of mercury from the organically bound fraction into both amorphous and
crystalline iron oxide bound fractions.
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Table I11. Distribution of mercury in Oak Ridge soils contaminated with cinnabar (HgS)
among solid-phase components (% of the total Hg).

HgS  Daysof Planting EXC ERO oM AmorFe  CryFe No-Cinnabar RES Cinnabar HgS

1000 7 0.00 0.00 2.68 0.02 0.11 2.63 94.56
7 0.00 0.00 2.98 0.03 0.11 2.25 94.64

2000 7 0.00 0.00 2.02 0.02 0.18 2.92 94.86
7 0.00 0.00 5.13 0.04 0.24 8.43 86.16

1000 48 0.00 0.00 0.15 0.03 0.36 2.37 97.09
48 0.00 0.00 0.14 0.06 0.29 2.42 97.09

48 0.00 0.00 0.19 0.03 0.40 2.64 96.74

2000 48 0.00 0.00 0.18 0.01 0.38 2.03 97.40
48 0.00 0.00 0.14 0.03 0.35 2.56 96.92

48 0.00 0.00 0.13 0.04 0.13 3.16 96.54

100% 7 Cinnabar HgS
75% | No-Cinnabar RES
50% - B CryFe

M AmorFe
25% | B OM
0% - ERO
1000- 1000- 2000- 2000- HEXC
7D 48D 7D 48D

Figure 2. Distribution of mercury among solid phase components in Oak Ridge soils
contaminated with HgS.

If H,0, oxidizes some HgS, the oxidization process should release a similar amount of
mercury in soils over the experimental period. But after the end of the growing season,
H,0,-extractable Hg significantly decreased (Table Il). However, Shannon and White
[21] reported that during oxidation of organic materials in sediments, H,O, extracted 69%
and 104% of the Fe and S, respectively, added as FeS; and 92% and 80% of the Fe and S,
respectively, added as pyrite (FeS;). About 77% of the total carbonate of the sediments
was selectively extracted in the oxidation step of the organic material [21]. Based on the
present study, we can conclude that the contribution from oxidization of HgS during the
extraction of the organically bound fraction is minimal. Further study will be needed to
confirm the observations here.

Xia et al. [22] used synchrotron-based X-ray absorption spectroscopy and found the
importance of reduced sulfur functional groups (thiol (R-SH) and disulfide (R-SS-
R)/disulfane (R-SSH)) in humic substances in the complexation of Hg(Il). They further
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observed the involvement of oxygen ligands, such as carboxyl and phenol, in addition to
the reduced S ligands in the complexation of Hg(l1) due to the low density of reduced S
ligands in humic substances. Ravichandran [23] and his coworkers [24] suggested that
mercury is strongly bound to reduced sulfur sites (such as polysulfide, sulfide, and thiol
groups) within the organic matter. The present soil contained 4.65% organic matter. If we
assume a total sulfur content of 1% (of organic matter) and a reduced sulfur content of
20% (of total sulfur) [23], the molar concentration of reduced sulfur sites in organic
matter is estimated to be 2.72 mM/kg soil. In the soils after seven days of incubation,
mercury concentration in the organically bound fractions ranged from 26 to 102 mg/kg,
equaling 0.12 -1.9 mM Hg/kg soil. The molar ratio of reduced sulfur to total mercury
bound in soil organic matter fraction is about 1.4 to 20. However, the molar ratio of
reduced sulfur to mercury changed with mercury loading levels and time. When the
capacity for bonding to the reduced sulfur is filled, mercury may be attached to —NH; and
—COOH by weaker bonds. It is observed that soils contaminated with insoluble HgS had
5-20 ratio of reduced sulfur to mercury bound in organic matter. As showed in Fig. 2 and
Table 11, mercury in the organically bound fraction decreased with time. Therefore the
ratios of reduced sulfur to the organically bound Hg increased with time after a growing
season in soils. This ratio drastically increased from 6-20 initially to 150-400 in soils
contaminated with HgS. The mercury kept in the organically bound fraction may increase
its stability with time. The conditional stability constants for mercury-organic sulfur
complexes are between 10% and 10* [23]. In addition, the present study may provide an
explanation of the observation that the majority of the total soil mercury is concentrated
in the organic rich A horizon [25, 26]. Lindberg [26] has shown that in the forest
ecosystem of the Walker Branch watershed (Tennessee), the largest mercury pool resided
in the soil and about 75% of the total mercury soil pool was in the organic A horizon.

As indicated earlier, 4AM HNO3 extracted only < 0.033% of Hg from pure chemical HgS.
However, 4M HNOj3 extracted 2-8% of Hg from HgS-contaminated soils and increased
with extraction periods. Oxalate-extractable and hot NH,OH-HCI + HOAc-extractable
mercury was <0.06 and 0.4%, respectively. This indicates a series of reactions takes place
in the soil matrix when HgS enters the soil. These reactions may release some mercury
from very stable HgS into other forms (organically bound, soil humin bound), which
were extracted by H,0,, oxalate, hot NH,OH-HCI + HOAc-, and 4M HNO:s.

Bioavailability of Hg in HgS-Contaminated Soils

Mercury in soils contaminated with insoluble HgS is to some extent bioavailable (Table
IV). Higher mercury concentrations were observed in both shoots and roots of fern and
Indian mustard grown in HgS-contaminated soils than control soils. Mercury
concentrations in fern grown in control soils after a growing season were higher than
those in background plants (mercury concentrations in shoots and roots of fern at the
onset of the experiment were below the detection limits).
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Table IV. Mercury concentrations in plants grown in Oak Ridge soils contaminated with
Hgs.

Plant (variety) Year Treatment Shoots Roots
HgS mag/kg
Pteris vittata Spring, 2004 CK Avg 4.1 7.4
(48 Days growing) Stdev 1.6 2.9
1000 Avg 14.3 36.9
Stdev 5 5.8
2000 Avg 10.6 45.5
Stdev 1.6 8.7
Pteris vittata Spring, 2005 CK Avg 0.79
(60 Days growing) Stdev 1.76
1000 Avg 13.35 132.38
Stdev 14.36 75.58
2000 Avg 24.17 296.80
Stdev 24.71 228.89
Indian mustard Spring, 2006 CK Avg 0.20
(Long standing) Stdev 0.32
(53 Days growing) 1000 Avg 26.78 84.01
Stdev 25.24 39.35
2000 Avg 15.18 205.39
Stdev 23.24 45.52
Indian mustard Spring, 2006 CK Avg 0.95
(Florida broadleaf) Stdev 1.07
(53 Days growing) 1000 Avg 34.65 17.14
Stdev 29.16 11.12
2000 Avg 78.77 86.96

Stdev 50.77 42.68

Direct foliage absorption of mercury vapor from the air was observed in trees and mosses
[27]. Direct uptake of elemental Hg via stomata is controlled by stomatal and mesophyll
resistances [27]. Lindberg et al. [28] observed a dual mechanism of mercury uptake by
alfalfa: roots accumulated Hg in proportion to the soil levels and aerial plant shoots
absorbed Hg vapor directly from the atmosphere. Therefore mercury in ferns/Indian
mustard grown in the control soils may have contributions from direct absorption of
airborne mercury vapor, which originated from volatilization of mercury from soils as
well as from fern foliage of fern in soils with soluble mercury. The direct uptake of
mercury vapor from air may also contribute to some mercury in ferns grown in HgS-
treated soils. However, mercury concentrations in both shoots and roots of ferns grown in
HgS-treated soils were significantly higher than those in control soils, indicating some
bioavailability of mercury in soils treated with HgS and that the major contribution was
through root uptake.

It was reported that dissolved organic carbon increased dissolution of mercury from HgS
[23, 24] and thus increased mercury bioavailability in soils. Hydrophobic acid (a mixture
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of both humic and fulvic) dissolved more mercury than hydrophilic acids and other
nonacid fractions of dissolved organic matter [24]. The possible mechanisms of
dissolution of HgS were suggested to include surface complexation of mercury and
oxidation of surface sulfur species by the organic matter [24]. However, other inorganic
(chloride and sulfate) and organic ligands (salicylic acid, acetic acid, EDTA, or cysteine)
were not found to enhance the dissolution of mercury from the mineral cinnabar [24].
This all indicates the positive effects of the rhizosphere on biavailability and stability of
HgS in soils. Plant roots can alter their microenvironment and mobilize otherwise stable
Hg compounds.

SUMMARY

Our preliminary experiments showed to some extent bioavailability of mercury sulfide
(HgS) in Oak Ridge soils. Extractability of HgS by 4M HNO;3; and 12 M HNO; in
cinnabar-contaminated Oak Ridge soils was significantly higher than pure HgS. The
extractability of HgS by HNOj increased with extraction time. Planting seems to increase
the extractability and bioavailability of HgS. In cinnabar-contaminated Oak Ridge soils,
mercury was mainly present in HgS form. However, a considerable amount of mercury
was present in H,O;-extractable (0.13-5.1%) and 4M HNOs-extractable (2-8.5%) forms.
Further studies on effects of rhizosphere chemistry on stability and bioavailability of Hg
will be performed.
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